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ABSTRACT

A considerable removal of the artificial sweetener acesulfame (ACE) was observed during activated
sludge processes at 13 wastewater treatment plants (WWTPs) as well as in a full-scale sand filter of a
water works. A long-term sampling campaign over a period of almost two years revealed that ACE
removal in WWTPs can be highly variable over time. Nitrifying/denitrifying sequencing batch reactors
(SBR) as well as aerobic batch experiments with activated sludge and filter sand from a water works
confirmed that both activated sludge as well as filter sand can efficiently remove ACE and that the
removal can be attributed to biologically mediated degradation processes. The lab results strongly
indicated that varying ACE removal in WWTPs is not associated with nitrification processes. Neither an
enhancement of the nitrification rate nor the availability of ammonium or the inhibition of ammonium
monooxygenase by N-allylthiourea (ATU) affected the degradation. Moreover, ACE was found to be also
degradable by activated sludge under denitrifying conditions, while being persistent in the absence of
both dissolved oxygen and nitrate. Using ion chromatography coupled with high resolution mass
spectrometry, sulfamic acid (SA) was identified as the predominant transformation product (TP).
Quantitative analysis of ACE and SA revealed a closed mass balance during the entire test period and
confirmed that ACE was quantitatively transformed to SA. Measurements of dissolved organic carbon
(DOC) revealed an almost complete removal of the carbon originating from ACE, thereby further con-
firming that SA is the only relevant final TP in the assumed degradation pathway of ACE. A first analysis
of SA in three municipal WWTP revealed similar concentrations in influents and effluents with
maximum concentrations of up to 2.3 mg/L. The high concentrations of SA in wastewater are in accor-
dance with the extensive use of SA in acid cleaners, while the degradation of ACE in WWTPs adds only a
very small portion of the total load of SA discharged into surface waters. No removal of SA was observed
by the biological treatment applied at these WWTPs. Moreover, SA was also stable in the aerobic batch
experiments conducted with the filter sand from a water works. Hence, SA might be a more appropriate
wastewater tracer than ACE due to its chemical and microbiological persistence, the negligible sorbing

affinity (high negative charge density) and its elevated concentrations in WWTP effluents.
© 2016 The Authors. Published by Elsevier Ltd. This is an open access article under the CC BY license
(http://creativecommons.org/licenses/by/4.0/).

1. Introduction

tons with ACE ranked 5 in terms of sucrose equivalence (USDA,
2012). Due to advantageous synergistic properties with other

The potassium salt of acesulfame (ACE) is widely used as an
artificial sweetener in food, personal care products and pharma-
ceutical preparations. Latest estimates for the worldwide con-
sumption of high-intensity sweeteners are about 117,000 metric
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sweeteners, its heat resistance and its long shelf-life, ACE is
meanwhile approved in more than 100 countries (von Rymon
Lipinski and Hanger, 2001). After ingestion and absorption from
the gut, ACE is largely excreted unchanged in urine without un-
dergoing any metabolism (Renwick, 1986; von Rymon Lipinski and
Hanger, 2001) and is therefore present in wastewater in notable
concentrations. On a worldwide scale, concentrations in the range
of 10—100 pg/L in wastewater treatment plant (WWTP) influents
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and effluents have been observed in more than 20 countries
(Arbeldez et al., 2015; Buerge et al., 2009; Gan et al., 2013; Kokotou
and Thomaidis, 2013; Lee et al., 2015; Ordonez et al., 2012; Scheurer
et al., 2009; Tran et al.,, 2014b; Xu et al,, 2016) with a maximum
concentration of 2.5 mg/L (Loos et al., 2013). As a consequence, ACE
can be ubiquitously detected in anthropogenically influenced rivers
and groundwater with concentrations up to the double-digit ug/L-
range in surface waters, when these are highly impacted by
wastewater discharge (Voloshenko-Rossin et al., 2015; Prasse et al.,
2011; Engelhardt et al., 2013). ACE was even found in finished
drinking waters in Switzerland, Germany, China and Canada with
maximum concentrations of 2.6 pg/L, about 7 ng/L, 0.8 ng/L and
1.6 pg/L, respectively (Buerge et al., 2009; Prasse et al., 2011; Gan
et al., 2013; Spoelstra et al., 2013).

It was reported that ACE can be degraded by technical processes
applied in drinking water utilities such as photolysis by UV light
(Gan et al., 2014; Sang et al., 2014; Scheurer et al., 2014) and
ozonation (Scheurer et al., 2010), but the compound has been
considered to be persistent to biodegradation in wastewater
treatment plants (WWTPs) with activated sludge process as well as
during soil passage (Buerge et al., 2009; Lange et al., 2012). Due to
the assumed high persistence towards biodegradation and its high
polarity ACE was also discussed as an ideal conservative tracer
compound for domestic wastewater in surface water and ground-
water (Buerge et al., 2009; Jekel et al., 2015). However, recent
studies indicate that also biologically mediated reactions can occur
and ACE can be degraded in microbially active compartments. Falds
et al. (2016) observed a significant removal of ACE of up to 80% in
bench-scale activated sludge sequencing batch reactors (SBR) at a
hydraulic retention time (HRT) of 12 h and a solids retention time
(SRT) of 10 d. The removal of ACE in these SBRs was attributed to
biological degradation processes, since removal by sorption is
negligible (Tran et al., 2015) and photodegradation in the opaque
reactors could be excluded.

At certain German bank filtration sites Storck et al. (2015)
observed a considerable decrease of ACE concentration. A com-
parison with conservative tracers (e.g. chloride) and the results
from column experiments suggested that biological degradation
rather than dilution and sorption was responsible for the concen-
tration decrease. In another study Storck et al. (2016) investigated
the persistence of ACE in laboratory experiments. While no sig-
nificant removal was observed in flow-through column experi-
ments, ACE was rapidly removed in a fixed-bed reactor under
certain conditions.

The recent results from literature might indicate that biological
degradation of ACE can only occur under specific environmental
conditions. Especially redox conditions (Joss et al., 2004; Schmidt
et al., 2007; Redeker et al., 2014), nitrifying activity (Fernandez-
Fontaina et al., 2012) and C- and N-limiting conditions (Li et al.,
2014) have been recently discussed to influence the biodegrada-
tion of those micropollutants for which a broad range of removal
rates have been reported (e.g. trimethoprim and diclofenac). Tran
et al. (2014a) demonstrated that the degradation of ACE by an
enriched nitrifying culture can be enhanced by an increase of the
initial ammonium concentration, which might indicate that auto-
trophic ammonia oxidizers play an important role in the biodeg-
radation of ACE. However, further experiments of Tran et al. (2015)
revealed a considerably slower removal of ACE by an enriched ni-
trifying culture compared to conventional activated sludge. Hence,
a further systematic elucidation of factors, which trigger the bio-
logically induced ACE degradation, is still needed.

Moreover, transformation products (TPs) of ACE formed by
biodegradation are currently unknown. Gan et al. (2014) tentatively
identified ten TPs of ACE, after incubating the compound, dissolved
in deionized water, under simulated sunlight irradiation. The

authors concluded that an enhanced degradation observed in un-
sterilized surface water samples might be explained by a joint effect
of photo- and biodegradation. However, it remained unclear
whether any of the identified photodegradation products in
deionized water can also be formed by biologically mediated pro-
cesses under environmental conditions.

The first aim of the current study was to scrutinize the persis-
tence of ACE during activated sludge treatment of wastewater and
sand filtration of surface water by examining its removal in a large
number of nitrifying/denitrifying WWTPs and a full-scale sand
filter used in a water works for the pre-treatment of surface water,
respectively. Secondly, potential factors (redox conditions, nitrifi-
cation activity) influencing ACE degradation were investigated by
degradation experiments with lab-scale batches and bench-scale
sequencing batch reactors. Thirdly, experiments conducted with
activated sludge as well as discarded filter sand from waterworks
were used to identify the TPs by means of high resolution mass
spectrometry and to propose the major biologically mediated
degradation pathway for ACE.

2. Materials and methods
2.1. Chemicals

Ammonium acetate, diclofenac sodium and ACE potassium
(>99% purity) were purchased from Sigma Aldrich (Schnelldorf,
Germany). ACE-d4 potassium salt (>95% purity), used as surrogate
standard, was purchased from Toronto Research Chemicals (Tor-
onto, Canada). Sulfamic acid (SA; > 99% purity) was purchased from
Carl Roth and Alfa Aesar GmbH (both Karlsruhe, Germany), N-
allylthiourea (ATU; 98% purity) from Alfa Aesar (Ward Hill, USA).
(NH4)2S04 (>99.5% purity), KHpPO4 (>99.5% purity), NaOH (>99%
purity) and NaNOs (>99% purity) were purchased from Merck
KGaA (Darmstadt, Germany). Acetoacetamide-N-sulfonic acid
(ANSA) was kindly provided by Celanese (Frankfurt am Main,
Germany). Methanol was supplied by Merck (Darmstadt, Germany)
and ultrapure water was provided by an Arium 611 laboratory
water purification system (Sartorius AG, Gottingen, Germany).

2.2. Sampling of municipal WWTPs and a full-scale sand filter

Sampling campaigns were conducted at thirteen municipal
WWTPs (denoted by capital letters from A—M) located in Germany
and Switzerland. All sampled WWTPs, except for WWTP H and M,
are conventional plants using activated sludge treatment for nitri-
fication and denitrification (SRT 10—35 d) and have a capacity be-
tween 25,500 and 440,000 population equivalents (PE). At WWTP
H, secondary treatment is performed in two parallel-operated
treatment units: a conventional activated sludge system and a
fixed-bed reactor which receive approx. 50% of the primary effluent
each. Both systems are designed to provide wastewater treatment
by nitrification and denitrification. WWTP M is equipped with a
biological treatment step which is cascaded into three compart-
ments. The first denitrifying compartment is followed by an aerated
step for COD removal. In both compartments the biomass consists
of suspended sludge flocs. The third compartment is the nitrifying
stage and contains carriers (35% filling ratio, 420 m?/m?) for biofilm
growth. Four WWTPs (B, G, H and ]) are equipped with sand
filtration as a final treatment step. At each of the WWTPs six 24 h
composite samples were taken from both influent (raw waste-
water) and final effluent before discharge into the receiving water
(i.e. after secondary clarification or sand filtration) within a period
of 14 d. A summary about the individual WWTPs (e.g. capacity, SRT,
biological treatment steps, COD removal, etc.) can be found in the
supplementary information (SI, Table S1).
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In order to assess the variability of ACE removal over time, one
additional German WWTP in Eriskirch (ER) was sampled over a
time course of two years. The WWTP ER has a capacity of 50,000 PE
and biological treatment consists of conventional activated sludge
treatment for denitrification and nitrification (SRT 12—18 d). The
samples from the WWTP ER were taken as 24 h composite samples
at dry weather conditions, in the middle of the week (Tuesday or
Wednesday).

In addition to the WWTPs, a full-scale sand filter, used for slow
sand filtration for the pre-treatment of surface water prior to arti-
ficial groundwater recharge, was sampled seven times over a
period of three weeks. The study site was included to assess if ACE
removal is limited to activated sludge processes in WWTPs or if
remaining traces of ACE can be removed in other biologically active
compartments like sand filters, e. g. when surface water is used for
drinking water production. The respective drinking water treat-
ment plant is described in detail in Nodler et al. (2013). Briefly,
water from the River Ruhr is abstracted and subsequently subjected
to basins for slow sand filtration (sand depth 1.5 m). The water is
reclaimed after a short underground passage (2—4 d) and treated
by applying ozonation, multi-layer filtration, and UV disinfection
before it is supplied as drinking water. Samples taken for this study
were the surface water and the reclaimed water after sand filtration
and underground passage.

2.3. Bench-scale sequencing batch reactors (SBR)

A series of fully automated reactors with a volume of 12 L each
were installed at the municipal WWTP L (SI, Table S1) located in
Koblenz (Germany). This WWTP has an urban catchment of
220,000 PE and an average load of 220 mg/L BOD, 70 mg/L N, and
16 mg/L Pior. The bench-scale reactors were run in sequencing batch
mode and fed with effluent of the primary clarifier of WWTP L
(after screening, grit removal and sedimentation). Each reactor was
equipped with sensors for the online measurement of fill level, pH,
temperature, and concentrations of oxygen and ammonium. The
process control was realized with a programmable logic controller
(WAGO 750-880) and a SCADA system (Citect V7.2, Schneider
Electric). Further reactor details are described in Falas et al. (2016).

To examine the degradation potential of ammonium-oxidizing
bacteria two treatment chains were set up, each consisting of two
reactors. In both chains the first reactors (R1 and R2) were operated
as conventional activated sludge processes with nitrification (2/3
HRT) and denitrification (1/3 HRT) phases. Each of them was fol-
lowed up by an aerobic post-treatment (R3 and R4, respectively).
All reactors were running with a HRT of 12 h and a SRT of 12 d. Since
biomass growth in the post-treatments was expected to be low as a
result of the low nutrition load due to the pre-treatment, they were
equipped with carriers to enable biofilm growth as compensation.
R3 was additionally supplemented with an automated ammonium
dosage to enrich ammonium-oxidizing bacteria and increase
nitrification. The pH was maintained between 6.9 and 7.1 by an
automated dosage of a NaOH-solution. After an initial start-up
phase of four months, these reactors were monitored over a
period of nine months, during which fourteen 72 h composite
samples were taken. Furthermore, the sequencing batch-mode was
paused for two days, during which the reactors were spiked with
5 pg/L ACE each and run in aerated batch mode to obtain degra-
dation curves.

2.4. Laboratory batch experiments
Several laboratory-scale batch experiments were conducted to

further elucidate the primary degradation of ACE and the formation
of TPs in contact with activated sludge as well as filter sand. A

general overview about the different setups of these batch exper-
iments is provided in Table 1. All batch experiments with activated
sludge were performed in triplicates in 500 mL amber glass bottles,
which were continuously mixed by a magnetic stirrer. Temperature
was maintained at 25 + 2 °C. Matrices for batch experiments were
collected at the municipal WWTP in Koblenz (WWTP L). Influent
was taken after the primary clarifier, effluent from the discharge of
the WWTP. Activated sludge was taken from the nitrification basin
(HRT 6 h, SRT 12 d) or from the aerobic bench-scale reactor R1
described above. The matrices were immediately transported to the
laboratory and experiments were started at the same day.

The first test approach (A) was designed to distinguish biotic
from abiotic degradation processes and to elucidate the influence of
the initial ammonium concentration as well as the ammonia
monooxygenase enzyme (AMO) activity. Therefore, five different
treatments were set up, all inoculated with activated sludge from
the WWTP L. The sludge was diluted either with WWTP influent or
effluent and spiked up to a total concentration of 50 pg/L ACE,
which corresponds to concentration ranges commonly found in
municipal wastewater. One setup was autoclaved and used as
sterile control to check for abiotic degradation processes. Another
setup was supplemented with 20 mg/L NH4-N and a third setup
was supplemented with 5 mg/L ATU as inhibitor of the AMO, to
suppress the nitrification process. All lab-scale experiments were
constantly aerated.

The aim of the second approach (B) was to examine the
degradation potential under different redox-conditions. Therefore,
activated sludge from the WWTP L was incubated under oxic
conditions with constant aeration, anoxic/denitrifying conditions
without aeration and addition of 200 mg/L NOs3-N as substituting
electron acceptor and anaerobic conditions without aeration.

The third approach (C) was performed to identify trans-
formation products (TPs) and to propose the major degradation
pathway of ACE. Therefore, batches were incubated with activated
sludge from SBR under constant aeration, spiked with 40 mg/L ACE
and compared to a control setup without spike. The spiked batches
were re-spiked with 40 mg/L ACE after 14 d and 21 d.

In a fourth approach (D) activated sludge from SBR was
repeatedly washed and re-suspended in 50 mM phosphate buffer
(KH2PO4) to remove the natural wastewater background. The lab-
scale experiments were spiked with either 400 pg/L ACE or
400 pg/L ANSA and incubated under constant aeration.

Experiments with activated sludge were supplemented by batch
tests with filter sand (E). The sand was taken from a pilot plant sand
column used for simulating slow sand filtration as a pre-treatment
of surface water prior to drinking water production. The column
was filled with technical sand of the River Rhine to a height of about
80 cm (column diameter 45 cm). As inoculum the upper layer was
mixed with native sediment from the River Ruhr (10% by mass). The
column was loaded with water from the River Ruhr, which was pre-
filtered over gravel. This sand column has been previously
described to be capable of removing ACE. Details about the column
setup and its efficiency for ACE removal are described by Drechsel
et al. (2015). An aliquot of this sand was stored at 4 °C (together
with overlaying water from the experiments) until its application
within the experiments presented here: About 130 g of wet sand
was weighted in 1 L clear glass bottles, which were filled with
800 mL deionized water and 200 mL potable water. The experi-
ments were aerated to ensure oxic conditions and run in duplicates.
Over the course of the study several experiments (E1—E2) were
conducted with different concentration levels (10 pg/L to 10 mg/L)
of ACE. Unspiked control batches were run in parallel to check for
background contaminations of SA and for water chemical
parameters.
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Table 1

Overview of the different test setups in laboratory batch experiments.
Setup Inoculum Matrix Treatment® ACE conc.
Al Activated sludge (WWTP) Influent WWTP Aerobic 50 pg/L
A2 Activated sludge (WWTP) Influent WWTP Aerobic, ATU-addition (5 mg/L) 50 pg/L
A3 Activated sludge (WWTP) Effluent WWTP Aerobic 50 pg/L
A4 Activated sludge (WWTP) Effluent WWTP Aerobic, NH4-N-addition (20 mg/L) 50 pg/L
A5 Activated sludge (WWTP) Influent WWTP Aerobic, autoclaved 50 pg/L
B1 Activated sludge (WWTP) Effluent WWTP Aerobic 30 pg/L
B2 Activated sludge (WWTP) Effluent WWTP Anoxic, NO3-N-addition (200 mg/L) 30 pg/L
B3 Activated sludge (WWTP) Effluent WWTP Anaerobic, no aeration 30 pg/L
Cc1 Activated sludge (R1) Effluent WWTP Aerobic 40 mg/L
2 Activated sludge (R1) Effluent WWTP Aerobic No spike
D1 Activated sludge (R1) Phosphate buffer Aerobic 400 pg/L
D2 Activated sludge (R1) Phosphate buffer Aerobic b
E1l Filter sand Deionized water + potable Aerobic 10 pg/L
E2 Filter sand water (80/20, v/v) Aerobic 10 mg/L

2 Aeration in aerobic experiments was checked at least twice a day and air flow was controlled with a rotameter. In setups with activated sludge complete mixing was

ensured and intended redox conditions were confirmed by measurement of NO3-

N (Data provided in the SI) as indicator, since NO3 is formed via nitrification under aerobic

conditions, depleted via denitrification under anoxic conditions and absent under anaerobic conditions.

b spiked with 400 pg/L ANSA.

2.5. Preparation of samples and spike solutions

All samples were filtrated (0.45 um, Whatman SPARTAN Syringe
Filter, regenerated cellulose, GE Healthcare Life Sciences) immedi-
ately, spiked with the internal standard ACE-d4 and either kept
refrigerated (4 °C) and analysed within seven days or stored frozen
(=20 °C) until analysis. All spike solutions were prepared as
aqueous stock solutions to avoid any impact of organic solvents
(potential carbon source, effects on microbial community).

2.6. Quantitative analysis and identification of TPs

Quantitative analysis of samples was conducted by either liquid
chromatography (LC) or ion chromatography (IC) coupled to tan-
dem mass spectrometry (MS/MS). High-resolution mass spec-
trometry and MS" fragmentation experiments were performed for
the detection, identification and characterization of ACE TPs.

In addition to mass spectrometry other detection techniques
were applied for the basic parameters dissolved organic carbon
(DOC), NO3-N and NH4-N. All methods are described in detail in the
supporting information (SI, S1).

2.7. Calculation of degradation rate constants

Except for the high spike experiments (co > 10 mg/L), the
degradation of ACE in batch experiments conducted with activated
sludge was modelled according to Schwarzenbach et al. (2005) by
pseudo-first-order kinetics:

dcace
i - —Kpiol Xss " Cace

where X is the sludge concentration [gss/L], cace the ACE
concentration [ug/L] and kg, the pseudo-first-order rate constant
[L/(gss-d)]-

3. Results and discussion
3.1. Removal of ACE in WWTPs
The sampling campaign at 13 WWTPs revealed influent con-

centrations ranging from approx. 20 ug/L (WWTP G) to 80 ng/L
(WWTP K) with a median of 38 pg/L. This is in good accordance to

literature data reporting a wide range of influent concentrations
between only a few pg/L (Ryu et al., 2014; Subedi and Kannan, 2014)
and more than 100 pg/L (Arbeldez et al., 2015; Nodler et al., 2013).
However, in contrast to most previous reports ACE concentrations
were considerably reduced by conventional biological wastewater
treatment in all sampled WWTPs (Fig. 1 and SI, Table S1). The
lowest median removal of ACE was observed in WWTP M, which
uses a hybrid biofilm-activated sludge process for denitrification
and nitrification, and was still as high as 59%. A maximum median
removal of 97% was achieved in three WWTPs (A, B and C) using
conventional activated sludge treatment with denitrification and
nitrification. The results strongly indicate that a considerable
removal (most likely degradation) of ACE in nitrifying/denitrifying
WWTPs is not as rare as previously expected. So far, no relationship
between ACE removal and WWTP characteristics (SI, Table S1) was
observed.

Since previous studies showed that removal of ACE by sorption
is negligible (Storck et al., 2016; Tran et al., 2015), the observed
removal in WWTPs can be most likely attributed to degradation
processes rather than sorption to activated sludge. This was further
confirmed by the closed mass balance obtained in the batch

100

80 A

T g

=

Removal [%]

20 4

Fig. 1. ACE removal [%] in thirteen WWTPs (A-M) presented as box-and-whisker plots
(median, 25% quantile, 75% quantile, maximum and minimum). WWTPs were sorted
from highest to lowest removal efficiency.
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experiments conducted within this study (see Section 3.5).

To address also the possible temporal variation of ACE removal,
twelve 24 h composite samples were taken at the WWTP ER over a
period of two years between May 2012 and June 2014. Biological
treatment at this WWTP (capacity 50,000 PE, 17,300 m3/d) consists
of an activated sludge treatment (SRT 12—18 d) followed by a sec-
ondary clarifier, flocculation and a sand filtration step. The overall
median removal of ACE in this WWTP was only 39% and thus
substantially lower than examined during the WWTP sampling
survey described above. The main removal already occurred during
activated sludge treatment (median of 33%), while the flocculation
and sand filtration only contributed about 6% to the overall
removal. During the sampling period the removal efficiencies var-
ied strongly between <20% and a maximum removal of more than
90% (Fig. 2, top). The results indicate that the capability of activated
sludge for ACE degradation can underlie strong variations. The
variations in the removal of ACE are surprising, but are in accor-
dance with only recently published results of the State Agency for
Environment, Measurements and Nature Conservation of the fed-
eral state of Baden-Wiirttemberg (Germany). For the WWTP in
Heilbronn (Southwestern Germany) an ACE elimination between 6
and 88% was reported (LUBW, 2014). The authors observed no
correlation with temperature or season. Like in the WWTP ER,
sampling events with minimal ACE elimination were followed by
ones with >80% ACE removal, suggesting that removal efficiencies
are not permanently established, but are snap-shots of short-term
boundary conditions.

100

BACE after AS
OACE after AS & SF

80 1

60

Removal [%]

40 -

20 1

0 *ﬂ. 0

100

BDCF after AS
ODCF after AS & SF

80 A

60 -

Removal [%]

40

20 A

May Aug. Oct. March May Sept. Oct. Nov. Dec. March May June
2012 2012 2012 2013 2013 2013 2013 2013 2013 2014 2014 2014

Fig. 2. Removal [%] of acesulfame (ACE) and diclofenac (DCF) in the WWTP ER after
activated sludge treatment (AS) and subsequent sand filtration (SF) at twelve sampling
events over a time course of two years (*: no data).

In order to examine whether a good removal of ACE was
accompanied with generally improved micropollutant degradation,
ACE removals were also compared with those of diclofenac (Fig. 2,
bottom). Diclofenac was chosen, since for WWTPs a broad range of
removal efficiencies has been determined in a previous publication
(Vieno and Sillanpaa, 2014). However, diclofenac and ACE removal
did not correlate at all and it even occurred that at sampling events
with the highest ACE removal, no diclofenac removal during acti-
vated sludge treatment was observed. In contrast to ACE, subse-
quent sand filtration considerably contributed to further diclofenac
removal in this WWTP. Hence, ACE removal might be connected to
the presence and activity of rather specific microbial species and
enzymes underlying distinct dynamics in the activated sludge mi-
crobial community. Further sampling campaigns with a higher
temporal resolution along with the characterization of the micro-
bial community and/or genes, transcripts or enzymes by meta-
omics methods are needed to gain a deeper understanding of the
highly variable ACE elimination in some WWTPs or the differences
between environmental compartments.

3.2. ACE removal in slow sand filtration

In order to assess the potential of microbial communities pre-
sent in other environmental compartments to degrade ACE and to
confirm the results obtained in the pilot-plant slow sand filtration
by Drechsel et al. (2015), a full-scale slow sand filter was included as
an additional study site. Like the pilot plant, the sand filter receives
surface water from the River Ruhr. During the sampling campaign
ACE concentrations in the river water ranged between 0.11 pug/L and
0.57 pg/L (mean 0.37 pg/L), while in the reclaimed water after sand
filtration and underground passage (total residence time 2—4 d) the
compound was measured between 0.08 ng/L and 0.13 pg/L (mean
0.11 pg/L, SI, Fig. S1). Comparing the mean values, ACE concentra-
tions were decreased by about 70%. The narrower concentration
range in the reclaimed water displays the ability of soil passages/
bank filtration sites to buffer concentration peaks (and lows).
Although it is difficult to distinguish between degradation and
dilution with land borne groundwater, there seems to be evidence
that ACE was biologically degraded also at this site. It has to be
noted, that the sampling campaign coincided with an extremely
high discharge of the Ruhr River of up to 370 m?/s at one sampling
day, so considerable dilution of the ACE concentrations were pre-
vailing at this time. A recent study (AWWR/Ruhrverband, 2014)
confirmed that ACE concentrations in the River Ruhr can reach
several pg/L. However, also at these times with ACE values in the
ug/L-range in the surface water, concentrations in the collection
well were measured in the same range as observed during our
sampling campaign by the local water utility. This suggests that our
observations most likely even underestimate ACE removal effi-
ciency at this site.

3.3. Elucidation of potential factors influencing ACE degradation

3.3.1. Primary degradation of ACE and impact of nitrifying activity
Several batch experiments with aerated activated sludge
(co = 50 pg/L ACE) and filter sand were conducted in parallel to
confirm that the removal observed in WWTPs and the full-scale
sand filter is caused by degradation processes. Furthermore, the
influence of nitrifying activity on ACE removal was investigated. In
all biologically active treatment setups with activated sludge
(A1—A4) ACE was removed by more than 94% within 27 h (Fig. 3),
affirming the ACE removal observed in the WWTPs. Since ACE was
persistent in the autoclaved control (A5), the removal of ACE in
contact with activated sludge could be attributed to microbial
degradation processes. Degradation could be well described by
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Fig. 3. ACE removal in activated sludge (triplicates per treatment, error bars represent
the standard deviation: A1 mixed 1:1 with WWTP-influent; A2 mixed 1:1 with
WWTP-influent and ATU-addition; A3 mixed 1:1 with WWTP-effluent; A4 mixed 1:1
with WWTP-effluent and NHZ4 addition A5 mixed 1:1 with WWTP-influent, sterile)
and sand (duplicates, error bars represent minimum and maximum values: E1 with
deionized water + potable water (80/20, v/v)).

pseudo-first-order kinetics and similar rate constants ranging from
1.27 + 0.07 to 1.57 + 0.18 L/(gss d) were determined for all the
different treatments.

In lab-scale experiments with filter sand (setup E1, co = 10 pg/L)
ACE was also efficiently degraded (Fig. 3). Even though the biomass
can be assumed to be significantly lower, the 50% dissipation time
(DTs0 ~ 30 h) was only about three times higher than in the ex-
periments with activated sludge (DTsg ~ 12 h). After a lag-phase of
about 20 h the degradation could be well described by first-order
kinetics with a rate constant of 1.62 1/d.

The batch experiments A1 and A4 contained an initial NH4-N
concentration of 15.3 and 19.4 mg/L, respectively. Complete
removal of NH4-N within the first 6 h of incubation (SI, Table S3)
confirmed an extensive nitrification in these batches. However, the
degradation rate in Al (1.27 + 0.07 L/(gss d)) and in A4
(142 + 0.17 L/(gss L)) were not significantly different from the
degradation rate in batch A3 (1.45 + 0.20 L/(gss L)), which contained
less than 0.08 mg/L NH4-N at the beginning of the experiment.

Moreover, also the successful suppression of nitrification via the
inhibition of AMO by ATU addition to batch A2 (initial NH4-N
concentration of 14.9 mg/L, no removal throughout the experiment,
see SI, Table S3), had no significant influence on ACE removal. This
was a first indication that nitrification processes in general and the
activity of the AMO-enzyme in particular are not decisive for ACE
degradation.

To assess whether ACE removal can be improved by increasing
the nitrification rate, a bench-scale SBR (R3) with carriers (40%
filling ratio) and continuous ammonium dosage (5—20 mg/L) was
established to achieve conditions favorable for autotrophic
ammonium nitrifiers. This reactor was installed as an aerobic post-
treatment of a conventional activated sludge treatment with
denitrification and nitrification (R1) to reduce the load of organic
carbon, thereby providing a competitive advantage towards het-
erotrophic organisms. For comparison, a parallel reactor series was
operated with identical pre-treatment (R2), but without ammo-
nium dosage to the post-treatment (R4). A measurement of the
potential nitrification capability under constant ammonium dosage
confirmed an increased NO3 formation rate in the supplemented
post-treatment R3 (294 mg/(L d)), which was more than 25 times
higher than in the post-treatment R4 operated without ammonium
addition (11 mg/(L d)) and even slightly higher than in the pre-
treatment R1 (214 mg/(L d)).

The monitoring of ACE in sequencing batch mode (Fig. 4, left)
revealed that no improved degradation was obtained by the in-
crease of the nitrification rate. While in both pre-treatments ACE
was removed clearly more extensive (R1: 95%; R2: 92%) than in the
post-treatments, the comparison between both post-treatments
showed even less removal in the ammonium supplemented R3
(<20%) than in the complementary reactor R4 (37%). These results
were confirmed in a spiked batch experiment in the same reactors
(Fig. 4, right). Also here the observed ACE removal in the post-
treatments (DTsp: 18.4 h in R3; 12.7 h in R4) was considerably
slower than in the conventional treatment reactors (DTso: 1.7 h in
R1; 1.5 h in R2) and the enhanced nitrification rate in R3 did not
lead to an improved ACE removal in comparison to the post-
treatment control (R4) operated without ammonium dosage.

In summary the experimental results did not give any indication
that the ACE removal efficiency is associated with nitrification
processes. Neither did enhanced nitrification activity promote ACE
removal, nor did the availability of ammonium or the inhibition of
AMO affect the degradation. Therefore, in contrast to the
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Fig. 4. ACE removal in bench-scale reactors. Left: running in sequencing batch mode as conventional activated sludge process (R1, R2) and subsequent aerobic post-treatments with
(R3) or without (R4) ammonium dosage, monitored over a period of 9 month with 14 samplings (box-and-whisker plots: median, 25% quantile, 75% quantile, maximum and

minimum). Right: same reactors running in batch mode with initial spike of 5 pg/L ACE.
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Fig. 5. ACE removal under various redox-conditions in activated sludge from the
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assumption that an increased biodegradation efficiency of ACE
could be expected in wastewater treatment with high nitrification
rates (Tran et al., 2014a), the results of the current study strongly
indicate that nitrification rate by itself is not a crucial factor for ACE
removal in biological wastewater treatment.

3.3.2. Incubation under oxic, anoxic and anaerobic conditions

The influence of redox conditions on the ACE removal was
investigated in laboratory batch experiments with activated sludge
from the WWTP L. While one batch (B1) was incubated under oxic
conditions with permanent aeration, a second batch (B2) was
incubated under an argon atmosphere and 200 mg/L NO3-N were
added to establish anoxic (denitrifying) conditions. Under both oxic
and anoxic conditions ACE was rapidly removed (Fig. 5) at rates of
5.04 + 0.12 and 3.53 + 0.09 L/(gss L), respectively. These rates were
even higher than those determined in the previous experiments
A1—A4 (see 3.5.1) and further supported the finding that ACE
removal in full-scale plants can underlie considerable changes over
time.

In contrast, under strictly anaerobic conditions in a third batch
(B3) incubated under an argon atmosphere without NO3 addition,
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no ACE removal was observed over an incubation period of 96 h.
These results are consistent with those from Falas et al. (2016) who
observed considerable ACE removal of up to 80% in an aerobic SBR,
but no removal in different anaerobic SBRs operated under meth-
anogenic, sulfate-reducing and iron-reducing conditions for more
than one year. Moreover, also in column experiments with undis-
turbed sediment cores from the infiltration zone of a German bank
filtration site (Burke et al., 2014), removal of ACE was restricted to
the upper layers where oxic and denitrifying conditions were
prevailing. In contrast, the authors observed no removal in the
subsequent manganese reducing zone.

It can be concluded that ACE can be degraded under both oxic
and denitrifying conditions, but is rather persistent under strictly
anaerobic conditions in the absence of both oxygen and nitrate.
Hence, the primary reaction in the degradation pathway of ACE
does not rely on the availability of free dissolved oxygen. Even
though it cannot be fully excluded that degradation pathways un-
der oxic and anoxic conditions are different, the results also indi-
cate that for example (mono-)oxygenase reactions are most likely
not involved in the primary degradation of ACE.

3.4. Identification of transformation products of ACE

For the identification of transformation products (TPs) diluted
activated sludge was spiked with an elevated concentration of
40 mg/L (£ 250 umol/L) ACE (treatment setup C1, Table 1) and re-
spiked after 14 d and 21 d. Considerable degradation of ACE could
be observed after a lag phase of approx. one week (Fig. 6). The
degradation rate increased over time and followed approximately
zero order kinetics with a rate of about 80 pmol/d after two weeks.
The results suggested an adaption of the microbial sludge com-
munity and indicated a metabolic use of ACE at the mg/L
concentrations.

Analysis with IC-LTQ-Orbitrap MS revealed the formation of five
TPs: TP96, TP180a, TP180b, TP178 and TP192. A list of the retention
times, precursors and product ions from MS and MS? spectra can be
found in the supplementary information (SI, Table S7). Two of the
TPs (TP96 and TP180a) could be unambiguously identified as sul-
famic acid (SA) and acetoacetamide-N-sulfonic acid (ANSA) by
comparison of retention times and MS fragmentation spectra with
authentic reference standards. SA has also been described in liter-
ature as a TP of ACE formed by photodegradation (Sang et al., 2014;
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Fig. 6. Mass balance of ACE and SA in comparison to the DOC difference between spiked and unspiked batches (A DOC). Primary and secondary y-axes are equivalently scaled, i.e.:
c(ACE) £ nominal DOC(ACE). Left: Mean values of triplicates in activated sludge from SBR, error bars represent the standard deviation. ACE was spiked to an initial concentration of
40 mg/L. The asterisks mark a re-spike after 14 and 21 d. Right: Mean values of duplicates in filter sand (co = 10 mg/L), error bars represent the minimum and maximum values.
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Scheurer et al., 2014) and ozonation (Scheurer et al., 2012) and is
used as a raw material for the synthesis of ACE (Haber et al., 2006).
ANSA has also been tentatively identified as TP resulting from UV
irradiation of ACE (Sang et al., 2014). Moreover, Scheurer et al.
(2014) and Gan et al. (2014) also described TPs with m/z 180 and
a MS? spectrum comparable to that of ANSA as a product of
photolysis. In addition to photolysis, it was found that ANSA can be
formed in traces as decomposition product after storage of ACE
under extreme conditions (temperature 100—120 °C, pH < 2.5,
stored 2—6 months; described in Kreiling and Mayer, 1991). How-
ever, considering the experimental procedure a chemical formation
of ANSA by UV-light or high temperatures and low pH is rather
unlikely in the current study and suggests that ACE can also be
transformed to SA and ANSA by a microbially catalyzed reaction.

For other TPs (TP180b, TP178 and TP192) chemical structures
were proposed (Fig. 7) based on the accurate mass of the parent and
product ions but could not be further confirmed, since reference
standards were not available and quantities were too low for
structural elucidation by NMR. However, the identified TP SA was
by far the most dominant TP. All other TPs did not exceed 1% of the
initial peak area of ACE. More details about the structural elucida-
tion are given in the supplementary information (SI, S2).

3.5. Mass balance of ACE and SA

Quantitative analysis of ACE and SA on a molar basis revealed a
closed mass balance and showed that ACE was transformed almost
completely to SA (Fig. 6). Throughout the entire test period the sum
of the molar concentrations of ACE and SA accounted for 98—118%
of the spiked ACE concentrations (SI, Fig. S2). This confirmed that
the quantities of the other detected TPs which still contained the SA
moiety were negligible and that these TPs were either short-living
intermediates in the transformation of ACE to SA or TPs of less
relevant side reactions.

To further elucidate the fate of the carbon fraction of ACE, the
DOC concentrations were measured in spiked batches and
compared to those in unspiked controls. The difference of DOC

concentrations between spiked and unspiked batches (A DOC) was
determined as an indicator for DOC originating from ACE and its
organic TPs. The initial addition of 40 mg/L ACE led to a DOC in-
crease of 12.2 + 0.3 mg/L, which corresponds to a recovery of
103 + 2% and confirmed the feasibility of the approach. The A DOC
considerably dissipated after each ACE spike and during the entire
test period the dissipation trend was rather similar to that of the
nominal DOC calculated from measured ACE concentrations (Fig. 6,
left). Only a small offset was observed between the A DOC and the
nominal DOC which could be mainly explained by a slight increase
of the A DOC during the first 10 d of incubation due to a stronger
increase of the natural background DOC in the spiked samples in
comparison to the unspiked control samples. However, the amount
of A DOC removed after the second spike between day 14 to day 20
(17.7 mg/L, 74%) and the third spike between day 21 to day 29
(19.1 mg/L, 89%) agreed very well with the corresponding amount
of the nominal DOC of the measured ACE removed after the second
(16.7 mg/L, 82%) and third spike (18.9 mg/L, 99%). These results
confirmed that the major part of the organic fraction of ACE was
mineralized, incorporated into the microbial biomass, volatilized or
less likely sorbed to sludge. This was in accordance with the finding
that no other TPs than the dominant inorganic TP SA could be
detected at relevant amounts (>1% of the initial peak area of ACE)
by the mass spectrometric approaches.

Comparable results were also achieved in lab-scale experiments
with filter sand (setup E2, Table 1) at an initial ACE concentration of
10 mg/L (Fig. 6, right). About 80% of the initial concentration of ACE
was removed at the end of the test duration of about 14.5 d. In
accordance to the results from batch experiments with activated
sludge described above, ACE removal in contact with the filter sand
was also accompanied by the formation of SA. An almost closed
mass balance between 88% and 106% throughout the whole incu-
bation period supported an almost complete transformation of ACE
to SA. Moreover, the removal of ACE was also accompanied by a
simultaneous decrease of the DOC. At the end of the incubation
period the A DOC in the ACE batches was reduced by about 79%,
which was in very good accordance to the ACE decrease. This gave
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further evidence that independently of the environmental matrix
the degradation of ACE leads to a quantitative formation of SA,
while the organic fraction of ACE is immediately mineralized,
incorporated into the biomass and/or volatilized.

3.6. Degradation pathway

The quantitative transformation of ACE to SA showed that the
sulfonamide was stable and not hydrolyzed as for example pre-
dicted by the pathway prediction system EAWAG-BBD/PPS. In
contrast, the formation of SA implies that both the sulfonic acid
ester and the amide bond of ACE can be cleaved. Since the hydro-
lysis of the sulfonic ester would lead to the TP ANSA which was
identified in the high spike batch experiments with activated
sludge, ANSA was assumed to be a potential transient intermediate
in the degradation pathway of ACE to SA (Fig. 7). Indeed, degra-
dation batch experiments with ANSA conducted with washed
activated sludge (D2, Table 1) showed that ANSA was also pre-
dominantly transformed to SA (S, Fig. S3). However, the dissipation
of ANSA and the formation of SA were even slower than the
dissipation of ACE and the SA formation in parallel batch experi-
ments spiked with ACE (D1, Table 1) (S, Fig. S4). Hence, if ANSA was
a relevant precursor of SA in the degradation pathway of ACE, it
should have accumulated to a certain extent in degradation ex-
periments with ACE. In contrast, only trace amounts of ANSA were
observed in the high spike experiments where the initial concen-
tration of ACE was 40 mg/L. These results strongly indicated that
ANSA is only a minor intermediate of SA and that the relevant
transformation of ACE to SA proceeds not via ANSA, but another so
far unknown pathway. Since the mass balance of ACE and SA was
closed throughout the incubation period (see 3.5) and the coupling
of different chromatographic methods (reversed-phase and ion
chromatography) with Orbitrap-MS did not lead to the detection of
further potential intermediates, it can be assumed that this
pathway involves rather short living intermediates.

One hypothesis is that the amide moiety is hydrolyzed first,
which leads to the formation of an alkyl sulfamate bearing a car-
boxylic group (Fig. 7). Even though this compound also exhibits an
exact mass of 179.9972, neither TP180a (identified as ANSA based
on a comparison with a reference standard) nor TP180b (MS?
fragments of TP 180b strongly indicated that the amide bond was
still present) could be allocated to this proposed structure. Hence, it
has to be assumed that the alkyl sulfamate intermediate formed by
the proposed initial amide cleavage is very short-living and rapidly
hydrolyses to give the observed TP SA and acetoacetic acid. For aryl
sulfamate anions chemical non-enzymatically catalyzed hydrolysis
has been described by an Sy1 mechanism with SO,NH as an in-
termediate which immediately reacts with water as a nucleophile
to form SA (Spillane et al., 2011; Williams et al., 2014). However,
also a very fast enzymatically catalyzed cleavage of the sulfamate
ester is conceivable. For example, it has been described that S-OR
bonds of sulfamates can be cleaved by sulfatases (EC 3.1.6.-) leading
to the formation of SO;NH which can react with water to SA, but
also with catalytic residues in the active site (Ahmed et al., 2002;
Williams et al., 2014).

In contrast to SA, acetoacetic acid, the second product of the
hypothesized hydrolysis of ACE could not be detected. This can be
explained by its rather low stability due to chemical and enzymatic
decarboxylation (Hay and Bond, 1967; Wolfenden et al., 2011)
leading to the formation of acetone and CO,.

For a confirmation of this hypothesized degradation pathway
additional highly time-resolved experiments, in particular with
14C_labeled ACE are required. These experiments might allow to

detect the precursors of SA and to track the fate of the organic
fraction of ACE. However, this was out of the scope of the current
study and has to be addressed in follow-up studies.

3.7. Environmental relevance of ACE transformation to SA

3.7.1. Transformation of ACE to SA at environmentally relevant
concentrations

It has been shown for other biodegradable substances like
trimethoprim or ibuprofen that the initial concentration of a
micropollutant can affect degradation kinetics (Collado et al., 2012)
or even completely change its degradation pathway (Jewell et al.,
2016). Therefore the quantitative formation of SA had to be
confirmed for environmental relevant concentrations. Due to high
background concentrations of SA in wastewater (see 3.7.2), batch
experiments with native activated sludge were not suitable for this
purpose. In order to considerably lower the background concen-
tration of SA, the activated sludge was repeatedly washed and
resuspended in 50 mM phosphate buffer (KH,PO4). ACE was spiked
at an initial concentration of 400 pg/L (~2.5 umol/L), which was a
100-fold lower than in the high spike experiments but still higher
than in WWTP influents to exclude any interference with remain-
ing SA concentrations. In contact with the washed sludge, ACE was
also quite rapidly removed. After 72 h of incubation ACE was below
the LOQ of 2 pg/L corresponding to a removal of more than 99% (SI,
Fig. S4). Similar to the high spike experiments, the removal of ACE
lead to a parallel formation of SA and the mass balance of ACE and
SA was closed (82—99%) throughout the entire incubation period.
No other TPs than SA could be detected. This was in accordance to
the negligible amounts of the other TPs identified in the high spike
experiment. Even though the initial ACE concentration was still
higher than in influents of WWTPs, the results strongly indicate
that the results from the high spike experiments can also be
transferred to environmental relevant concentrations and that ACE
removal in WWTPs also leads to the formation of SA.

3.7.2. Occurrence of SA in WWTPs

The occurrence of SA in municipal wastewater was studied in
24 h composite samples taken from the influent and effluent of the
WWTP L as well as two other nitrifying WWTPs located in Ger-
many. While the WWTP L uses activated sludge treatment for
denitrification and nitrification, biological treatment in the other
two WWTPs consists of activated sludge treatment for CSB removal
(SRT 3—4 d) followed by a trickling filter for nitrification. The in-
fluents of the three WWTPs contained rather high SA concentra-
tions of 0.27 + 0.06, 1.6 + 0.1 and 2.0 + 0.4 mg/L. This can be
explained by the extensive use of SA in acid cleaners in a large
variety of household and industrial applications (Motamedi et al.,
2013). Since the influent concentrations of SA were up to 40
times higher than the influent concentration of ACE (~0.05 mg/L),
the amount of SA formed by the degradation of ACE could not be
differentiated from the high background level of SA. The measured
effluent concentrations of 0.27 + 0.11, 1.4 + 0.1 and 2.3 + 0.4 mg/L
were not significantly different from the influent concentrations.
This was a first indication that SA is rather stable under aerobic
conditions and that neither nitrifying activated sludge nor biofilms
in trickling filters are capable of removing SA to a significant extent.
These results were also in accordance with those from the degra-
dation batch experiments with activated sludge and filter sand
where SA was stable over a period of 29 and 14.5 d, respectively
(see 3.5).

It can be concluded that municipal WWTPs are an important
point source for the discharge of SA into surface waters. However,
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assuming that at least the order of magnitude of SA concentrations
detected in the three WWTPs is representative for other municipal
WWTPs, it implies that the degradation of ACE in WWTPs does not
significantly contribute to the concentrations of SA in WWTP
effluents.

Even though SA is a high production volume chemical with a
broad range of applications, to the best of our knowledge this is the
first time that the occurrence of SA in municipal wastewater has
been reported. It has to be noted, that the widespread use of SA
goes along with a comparatively low toxicity and so far toxicolog-
ical studies indicate no risk of SA for human health. The US Food
and Drug Administration (FDA, 1972) even approved SA as a GRAS
(generally recognized as safe) substance for usage in food pack-
aging. The Pesticide Action Network (PAN) database considers the
compound only to be slightly acute toxic (Kegley et al., 2014) to
aquatic organisms, based on two studies with fathead minnow
(Pimephales promelas), one of them providing LCsq (96 h) values of
up to 70.3 mg/L (Curtis and Ward, 1981). Regarding aquatic toxicity
also the European Chemicals Agency (ECHA, 2016) lists several
endpoints for different trophic levels; e. g. a no observed effect
concentration (NOEC) of >60 mg/L is reported in an early life stage
test with Danio rerio, in which no negative effects on hatching,
mortality, body length and weight were observed. Furthermore, the
assumption is made, that the LCs9 observed by Curtis and Ward
(1981) was primarily caused by the acidic character of the com-
pound and the low pH in the test rather than by the anionic species
predominantly encountered in the aquatic environment. Tests with
aquatic invertebrates and algae resulted in similar concentration
ranges for the endpoints tested. Furthermore, SA showed no
inhibitory effect in a sludge respiration inhibition test and a NOEC
of >200 mg/L (highest test concentration) was assessed (ECHA,
2016). Thus, even though concentrations in the mg/L range were
detected in wastewater, by the current state of knowledge no
negative effect on the aquatic environment is to be expected.

3.8. Consequences of the study for use of ACE as a conservative
wastewater tracer

As demonstrated, ACE degradation in WWTPs and slow sand
filtration is not a rare phenomenon and can be reproduced in lab-
oratory experiments. Moreover, a study of Storck et al. (2015) gave
evidence that at specific sites ACE can be also degraded during bank
filtration. Even though at the present stage no clear forecast can be
made regarding the probability of its biodegradation in a particular
environment, these results strongly indicate that ACE is not a
generally appropriate wastewater tracer for quantitative ap-
proaches, i.e. for estimating the volume fraction of wastewater
within a water body. Therefore, the stability of ACE at a specific site
needs to be confirmed by the additional analysis of other proposed
wastewater tracers such as carbamazepine, primidone, sucralose,
gabapentin, oxypurinol, valsartan acid, and inorganic ions like
chloride (Funke et al., 2015; Jekel et al., 2015; Nodler et al., 2013).
Evaluating concentration ratios of such a broad set of potential
wastewater tracers would help to gather information about the
stability of the individual substances and thus allows for choosing
the most reliable tracer compound in a particular environment.

The first results of the current study indicate that SA might be an
excellent alternative to ACE as a conservative wastewater tracer due
to its high polarity and negative charge, its elevated concentrations
in WWTP effluents in the mg/L range and its biological and
chemical stability observed in contact with activated sludge as well
as filter sand from a water works. However, follow-up studies are
needed to further confirm i) the ubiquitous presence in WWTP
effluents as well as wastewater-impacted rivers and groundwater,
ii) the conservative behavior, iii) the source specificity, i.e. that the

major portion of SA concentrations originates from wastewater and
iv) that transformation of ACE to SA within the respective envi-
ronmental compartment is quantitatively negligible.

4. Conclusions

e The degradation of ACE in municipal WWTPs is not as rare as
previously expected. A pronounced ACE degradation can also be
observed in slow sandfilters fed with wastewater-influenced
surface water.

e Neither was ACE removal enhanced in reactors with increased
nitrification rate, nor did the initial ammonium concentration or
the inhibition of AMO affect the degradation rate.
Degradation of ACE in activated sludge can occur under oxic as
well as denitrifying conditions, whereas no ACE degradation
was observed under anaerobic conditions in the absence of both
dissolved oxygen and nitrate.
The main biotransformation product of ACE is SA. Further
organic TPs are only formed in traces and a rapid removal of the
organic part of the ACE molecule occurs.
First results indicate no removal of SA by biological treatment in
WWTPs. The main fraction of SA discharged from municipal
WWTPs can be expected to originate from its extensive use in
acid cleaning agents rather than the degradation of ACE.
In the last decade, ACE has been proposed as a conservative
wastewater tracer. However, the results of this study revealed
that ACE is not generally persistent and thus its stability in the
respective environment needs to be confirmed by the simulta-
neous quantification of additional tracer compounds. The
absence of ACE in a water body is not necessarily associated with
the absence of domestic wastewater.

e SA might be a promising wastewater tracer, due to its elevated
polarity and microbial and chemical stability.

Acknowledgements

We thank Adriano Joss (EAWAG) for technical support of the
sequencing batch reactors, Gudrun Niirenberg (BfG) for the supply
of samples from WWTPs and Dr. Mathias Schopel (RWW Rhei-
nisch-Westfalische Wasserwerksgesellschaft mbH) for providing
data and samples from the full-scale sandfilter. This work was
supported by the European Research Council [Project ATHENE,
grant number 267897] and the German Federal Ministry of Edu-
cation and Research [Project OPTI, grant number 02WIL1388, and
Water JPI joint call project FRAME, grant number 02WU1345A].
Some data were collected within the project SchussenAktivplus,
which was funded by the German Federal Ministry for Education
and Research (BMBF) within the funding measure “Risk Manage-
ment of Emerging Compounds and Pathogens in the Water Cycle”
(RiSKWa) and co-funded by the Ministry of the Environment,
Climate Protection and the Energy Sector, Baden-Wiirttemberg,
Funding numbers: 02WRS1281A, 02WRS1281G and 02WRS12811.

Appendix A. Supplementary data

Supplementary data related to this article can be found at http://
dx.doi.org/10.1016/j.watres.2016.11.041.

References

Ahmed, S., James, K., Owen, C.P,, Patel, C.K., Sampson, L., 2002. The mechanism of
the irreversible inhibition of estrone sulfatase (ES) through the consideration of
a range of methane- and amino-sulfonate-based compounds. Bioorg. Med.
Chem. Lett. 12, 1279—1282.

Arbelaez, P., Borrull, F, Pocurull, E.,, Marcé, R.M., 2015. Determination of high-
intensity sweeteners in river water and wastewater by solid-phase extraction


http://dx.doi.org/10.1016/j.watres.2016.11.041
http://dx.doi.org/10.1016/j.watres.2016.11.041
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref1
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref1
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref1
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref1
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref1
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref2
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref2
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref2
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref2

352 S. Castronovo et al. / Water Research 110 (2017) 342—353

and liquid chromatography—tandem mass spectrometry. J. Chromatogr. A 1393,
106—114.

AWWR/Ruhrverband, 2014. Ruhrgiitebericht 2012. ISSN 1613—4729. http://www.
ruhrverband.de/fileadmin/pdf/presse/wissen/Ruhrguetebericht_2012.pdf.

Buerge, 1]., Buser, H.R., Kahle, M., Muller, M.D., Poiger, T., 2009. Ubiquitous occur-
rence of the artificial sweetener acesulfame in the aquatic environment: an
ideal chemical marker of domestic wastewater in groundwater. Environ. Sci.
Technol. 43 (12), 4381—-4385.

Burke, V., Greskowiak, J., Asmuf3, T., Bremermann, R., Taute, T., Massmann, G., 2014.
Temperature dependent redox zonation and attenuation of wastewater-derived
organic micropollutants in the hyporheic zone. Sci. Total Environ. 482, 53—61.

Collado, N., Buttiglieri, G., Ferrando-Climent, L., Rodriguez-Mozaz, S., Barcelo, D.,
Comas, J., Rodriguez-Roda, I., 2012. Removal of ibuprofen and its transformation
products: experimental and simulation studies. Sci. Total Environ. 433,
296—-301.

Curtis, M.\W., Ward, C.H., 1981. Aquatic toxicity of forty industrial chemicals: testing
in support of hazardous substance spill prevention regulation. J. Hydrol. 51,
359-367.

Drechsel, V., Jansen, M., Skark, C., Remmler, F.,, Scheurer, M., Happel, O., Wichern, M.,
2015. Das Verhalten von Acesulfam in Filtersystemen: Biologischer Abbau oder
Sorption. In: Conference Proceedings of the Annual Conference of the Water
Chemical Society (Branch of the German Chemical Society), May 18th — 20th,
2015, Schwerin, Germany, pp. 271-276.

Engelhardt, 1., Prommer, H., Moore, C., Schulz, M., Schiith, C., Ternes, T.A., 2013.
Suitability of temperature, hydraulic heads, and acesulfame to quantify
wastewater-related fluxes in the hyporheic and riparian zone. Water Resour.
Res. 49 (1), 426—440.

European Chemicals Agency (ECHA), 2016. https://echa.europa.eu/registration-
dossier/-/registered-dossier/14842/1 (Accessed 12 August 2016).

Falas, P, Wick, A., Castronovo, S., Habermacher, J., Ternes, T.A., Joss, A., 2016. Tracing
the limits of organic micropollutant removal in biological wastewater treat-
ment. Water Res. 95, 240—249.

Fernandez-Fontaina, E., Omil, F, Lema, J.M., Carballa, M., 2012. Influence of nitri-
fying conditions on the biodegradation and sorption of emerging micro-
pollutants. Water Res. 46 (16), 5434—5444.

Funke, J., Prasse, C., Liitke Eversloh, C., Ternes, T.A., 2015. Oxypurinol — a novel
marker for wastewater contamination of the aquatic environment. Water Res.
74, 257—-265.

Gan, Z., Sun, H., Wang, R,, Hu, H., Zhang, P, Ren, X., 2014. Transformation of ace-
sulfame in water under natural sunlight: joint effect of photolysis and
biodegradation. Water Res. 64, 113—122.

Gan, Z.W.,, Sun, HW., Wang, R.N,, Feng, B.T., 2013. A novel solid-phase extraction for
the concentration of sweeteners in water and analysis by ion-pair liquid
chromatography-triple quadrupole mass spectrometry. . Chromatogr. A 1274,
87-96.

Haber, B. von Rymon-Lipinski, G.-W., Rathjen, S., 2006. Acesulfame K. In:
Mitchell, H. (Ed.), Sweeteners and Sugar Alternatives in Food Technology.
Blackwell Publishing Ltd, Oxford, UK.

Hay, R.W.,, Bond, M.A., 1967. Kinetics of the decarboxylation of acetoacetic acid. Aust.
J. Chem. 20, 1823—1828.

Jekel, M., Dott, W., Bergmann, A., Diinnbier, U, Gnir, R., Haist-Gulde, B.,
Hamscher, G., Letzel, M., Licha, T., Lyko, S., Miehe, U., Sacher, F,, Scheurer, M.,
Schmidt, C.K., Reemtsma, T., Ruhl, A.S., 2015. Selection of organic process and
source indicator substances for the anthropogenically influenced water cycle.
Chemosphere 125, 155—167.

Jewell, K., Castronovo, S., Wick, A., Falas, P, Joss, A., Ternes, T., 2016. New insights
into the transformation of trimethoprim during biological wastewater treat-
ment. Water Res. 88, 550—557.

Joss, A., Andersen, H., Ternes, T., Richle, P.R,, Siegrist, H., 2004. Removal of estrogens
in municipal wastewater treatment under aerobic and anaerobic conditions:
consequences for plant optimization. Environ. Sci. Technol. 38 (11), 3047—3055.

Kegley, S.E., Hill, B.R., Orme, S., Choi, A.H., 2014. PAN Pesticide Database. Pesticide
Action Network, North America (Oakland, CA). http://www.pesticideinfo.org
(Accessed 29 July 2016).

Kokotou, M.G., Thomaidis, N.S., 2013. Determination of eight artificial sweeteners in
wastewater by hydrophilic interaction liquid chromatography-tandem mass
spectrometry. Anal. Methods 5 (16), 3825.

Kreiling, R., Mayer, D.G., 1991. Acetoacetamide-N-Sulfonic Acid: an overview of
pharmacological, pharmacokinetic, and toxicologic research. In: Mayer, D.G.,
Kemper, FH. (Eds.), Acesulfame-K. Marcel Dekker, New York.

Lange, FT., Scheurer, M., Brauch, H.-J., 2012. Artificial sweeteners - a recently
recognized class of emerging environmental contaminants: a review. Anal.
Bioanal. Chem. 403, 2503—2518.

Lee, D.G., Roehrdanz, P.R,, Feraud, M., Ervin, J., Anumol, T, Jia, A., Park, M., Tamez, C.,
Morelius, EW., Gardea-Torresdey, J.L., Izbicki, J., Means, J.C., Snyder, S.A.,
Holden, P.A., 2015. Wastewater compounds in urban shallow groundwater wells
correspond to exfiltration probabilities of nearby sewers. Water Res. 85,
467—475.

Li, D., Alidina, M., Drewes, J.E., 2014. Role of primary substrate composition on
microbial community structure and function and trace organic chemical
attenuation in managed aquifer recharge systems. Appl. Microbiol. Biot. 98 (12),
5747—-5756.

Loos, R., Carvalho, R., Antonio, D.C., Cornero, S., Locoro, G., Tavazzi, S., Paracchini, B.,
Ghiani, M., Lettieri, T, Blaha, L., Jarosova, B., Voorspoels, S., Servaes, K.,
Haglund, P, Fick, ]., Lindberg, R.H., Schwesig, D., Gawlik, B.M., 2013. EU-wide

monitoring survey on emerging polar organic contaminants in wastewater
treatment plant effluents. Water Res. 47 (17), 6475—6487.

LUBW, 2014. Spurenstoffinventar der FlieBgewdsser in Baden-Wiirttemberg -
Ergebnisse der Beprobung von FlieBgewassern und Klaranlagen 2012/2013.
Landesanstalt fiir Umwelt, Messungen und Naturschutz Baden-Wiirttemberg.
ISBN 978-3-88251-379-0.

Motamedi, M., Tehrani-Bagha, A.R., Mahdavian, M., 2013. Effect of aging time on
corrosion inhibition of cationic surfactant on mild steel in sulfamic acid
cleaning solution. Corros. Sci. 70, 46—54.

Nodler, K., Hillebrand, O., Idzik, K., Strathmann, M., Schiperski, F., Zirlewagen, J.,
Licha, T., 2013. Occurrence and fate of the angiotensin Il receptor antagonist
transformation product valsartan acid in the water cycle — a comparative study
with selected B-blockers and the persistent anthropogenic wastewater in-
dicators carbamazepine and acesulfame. Water Res. 47 (17), 6650—6659.

Ordonez, E.Y., Quintana, ].B., Rodil, R., Cela, R., 2012. Determination of artificial
sweeteners in water samples by solid-phase extraction and liquid
chromatography-tandem mass spectrometry. J. Chromatogr. A 1256, 197—205.

Prasse, C., Wagner, M., Schulz, R, Ternes, T.A., 2011. Biotransformation of the anti-
viral drugs acyclovir and penciclovir in activated sludge treatment. Environ. Sci.
Technol. 45 (7), 2761—-2769.

Redeker, M., Wick, A., Meermann, B., Ternes, T.A., 2014. Removal of the iodinated X-
ray contrast medium diatrizoate by anaerobic transformation. Environ. Sci.
Technol. 48 (17), 10145—-10154.

Renwick, A.G., 1986. The metabolism of intense sweeteners. Xenobiotica 16 (10—11),
1057—1071.

Ryu, J., Oh, J., Snyder, S.A., Yoon, Y., 2014. Determination of micropollutants in
combined sewer overflows and their removal in a wastewater treatment plant
(Seoul, South Korea). Environ. Monit. Assess. 186 (5), 3239—-3251.

Sang, Z., Jiang, Y., Tsoi, Y.-K., Leung, K.S.-Y., 2014. Evaluating the environmental
impact of artificial sweeteners: a study of their distributions, photodegradation
and toxicities. Water Res. 52, 260—274.

Scheurer, M., Brauch, H.-]., Lange, FET., 2009. Analysis and occurrence of seven
artificial sweeteners in German waste water and surface water and in soil
aquifer treatment (SAT). Anal. Bioanal. Chem. 394 (6), 1585—1594.

Scheurer, M., Godejohann, M., Wick, A., Happel, O., Ternes, T., Brauch, HJ., Ruck, W.,
Lange, F., 2012. Structural elucidation of main ozonation products of the arti-
ficial sweeteners cyclamate and acesulfame. Environ. Sci. Pollut. R. 19,
1107—-1118.

Scheurer, M., Schmutz, B., Happel, O., Brauch, H.-]., Wiilser, R., Storck, FR., 2014.
Transformation of the artificial sweetener acesulfame by UV light. Sci. Total
Environ. 481, 425—432.

Scheurer, M., Storck, F.R., Brauch, H.J.,, Lange, ET., 2010. Performance of conventional
multi-barrier drinking water treatment plants for the removal of four artificial
sweeteners. Water Res. 44 (12), 3573—3584.

Schmidt, CK., Lange, ET., Brauch, H.-J., 2007. Characteristics and evaluation of
natural attenuation processes for organic micropollutant removal during
riverbank filtration. Water Sci. Technol. Water Supply 7 (3), 1-7.

Schwarzenbach, R.P., Gschwend, P.M., Imboden, D.M., 2005. Environmental Organic
Chemistry. John Wiley & Sons, Inc., Hoboken, New Jersey, pp. 687—773.

Spillane, WJ., Thea, S., Cevasco, G., Hynes, M.J., McCaw, CJ.A., Maguire, N.P.,, 2011.
Mechanisms of hydrolysis of phenyl- and benzyl 4-nitrophenyl-sulfamate es-
ters. Org. Biolmol. Chem. 9, 523—530.

Spoelstra, J., Schiff, S.L., Brown, S.J., Iwata, T., 2013. Artificial sweeteners in a large
Canadian River Reflect human consumption in the watershed. PLoS One 8 (12),
e82706.

Storck, F.R., Brauch, H.J., Skark, C., Remmler, F, Zullei-Seibert, N., 2015. Acesulfam —
ein universeller Tracer? DVGW Energie Wasser-Praxis 66 (7+8), pp. 26—31.
Storck, ER., Skark, C., Remmler, F, Brauch, HJ., 2016. Environmental fate and
behavior of acesulfame in laboratory experiments. Water Sci. Technol. http://

dx.doi.org/10.2166/wst.2016.452.

Subedi, B., Kannan, K., 2014. Fate of artificial sweeteners in wastewater treatment
plants in New York State, U.S.A. Environ. Sci. Technol. 48 (23), 13668—13674.

Tran, N.H., Nguyen, V.T.,, Urase, T., Ngo, H.H., 2014a. Role of nitrification in the
biodegradation of selected artificial sweetening agents in biological wastewater
treatment process. Bioresour. Technol. 161 (0), 40—46.

Tran, N.H., Gan, ]., Nguyen, V.T., Chen, H., You, L., Duarah, A., Zhang, L., Gin, K.Y,,
2015. Sorption and biodegradation of artificial sweeteners in activated sludge
processes. Bioresour. Technol. 197, 329—338.

Tran, N.H., Huy, ], Li, J., Ong, S.L.,, 2014b. Suitability of artificial sweeteners as in-
dicators of raw wastewater contamination in surface water and groundwater.
Water Res. 48, 443—456.

USDA, 2012. United States Department of Agriculture: Sugar and Sweeteners
Outlook, Report SSS-M-283. Available online at: http://www.ers.usda.gov/
media/372138/sssm283.pdf (Accessed 2 February 2016).

U.S. Food and Drug Administration, 1972. Select Committee on GRAS Substances
(SCOGS) Opinion: Sulfamic Acid (Packaging), SCOGS-report Number: 62. http://
www.fda.gov/Food/IngredientsPackagingLabeling/GRAS/SCOGS/ucm261478.
htm (Access 31 July 2016).

Vieno, N,, Sillanpaa, M., 2014. Fate of diclofenac in municipal wastewater treatment
plant - a review. Environ. Int. 69, 28—39.

Voloshenko-Rossin, A., Gasser, G., Cohen, K., Gun, ], Cumbal-Flores, L., Parra-
Morales, W., Sarabia, F, Ojeda, F, Lev, 0., 2015. Emerging pollutants in the
Esmeraldas watershed in Ecuador: discharge and attenuation of emerging
organic pollutants along the San Pedro—Guayllabamba—Esmeraldas rivers.
Environ. Sci. Process. Impacts 17 (1), 41-53.


http://refhub.elsevier.com/S0043-1354(16)30886-7/sref2
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref2
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref2
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref2
http://www.ruhrverband.de/fileadmin/pdf/presse/wissen/Ruhrguetebericht_2012.pdf
http://www.ruhrverband.de/fileadmin/pdf/presse/wissen/Ruhrguetebericht_2012.pdf
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref4
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref4
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref4
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref4
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref4
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref5
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref5
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref5
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref5
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref5
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref6
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref6
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref6
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref6
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref6
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref6
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref7
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref7
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref7
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref7
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref8
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref8
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref8
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref8
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref8
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref8
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref8
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref9
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref9
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref9
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref9
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref9
https://echa.europa.eu/registration-dossier/-/registered-dossier/14842/1
https://echa.europa.eu/registration-dossier/-/registered-dossier/14842/1
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref11
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref11
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref11
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref11
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref12
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref12
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref12
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref12
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref13
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref13
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref13
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref13
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref13
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref14
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref14
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref14
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref14
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref15
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref15
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref15
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref15
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref15
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref16
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref16
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref16
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref17
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref17
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref17
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref19
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref19
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref19
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref19
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref19
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref19
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref19
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref20
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref20
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref20
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref20
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref21
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref21
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref21
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref21
http://www.pesticideinfo.org
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref24
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref24
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref24
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref25
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref25
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref25
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref26
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref26
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref26
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref26
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref27
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref27
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref27
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref27
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref27
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref27
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref28
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref28
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref28
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref28
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref28
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref29
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref29
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref29
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref29
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref29
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref29
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref30
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref30
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref30
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref30
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref30
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref30
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref30
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref30
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref30
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref31
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref31
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref31
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref31
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref32
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref32
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref32
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref32
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref32
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref32
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref32
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref32
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref33
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref33
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref33
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref33
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref34
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref34
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref34
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref34
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref35
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref35
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref35
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref35
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref36
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref36
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref36
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref36
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref37
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref37
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref37
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref37
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref38
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref38
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref38
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref38
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref39
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref39
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref39
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref39
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref40
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref40
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref40
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref40
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref40
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref41
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref41
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref41
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref41
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref42
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref42
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref42
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref42
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref43
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref43
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref43
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref43
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref44
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref44
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref44
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref44
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref45
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref45
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref45
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref45
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref46
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref46
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref46
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref47
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref47
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref47
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref47
http://dx.doi.org/10.2166/wst.2016.452
http://dx.doi.org/10.2166/wst.2016.452
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref49
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref49
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref49
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref50
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref50
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref50
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref50
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref51
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref51
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref51
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref51
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref52
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref52
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref52
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref52
http://www.ers.usda.gov/media/372138/sssm283.pdf
http://www.ers.usda.gov/media/372138/sssm283.pdf
http://www.fda.gov/Food/IngredientsPackagingLabeling/GRAS/SCOGS/ucm261478.htm
http://www.fda.gov/Food/IngredientsPackagingLabeling/GRAS/SCOGS/ucm261478.htm
http://www.fda.gov/Food/IngredientsPackagingLabeling/GRAS/SCOGS/ucm261478.htm
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref55
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref55
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref55
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref55
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref56
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref56
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref56
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref56
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref56
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref56
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref56
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref56

S. Castronovo et al. / Water Research 110 (2017) 342—353 353

von Rymon Lipinski, G.-W., Hanger, L.Y., 2001. Acesulfame-K. In: OBrien Nabors, L. Wolfenden, R., Lewis Jr., C.A., Yuan, Y. 2011. Kinetic challenges facing oxalate,
(Ed.), Alternative Sweeteners, third ed. Marcel Dekker, New York, Basel. Revised malonate, acetoacetate, and oxaloacetate decarboxylases. J. Am. Chem. Soc. 133,
and Expanded. 5683—-5685.

Williams, S.J., Denehy, E., Krenske, E.H., 2014. Experimental and theoretical insights Xu, Z., Wang, L., Yin, H,, Li, H., Schwegler, B.R., 2016. Source apportionment of non-
into the mechanism of sulfate and sulfamate ester hydrolysis and the end storm water entries into storm drains using marker species: modeling approach
products of type I sulfatase inactivation by aryl sulfamates. ]. Org. Chem. 79, and verification. Ecol. Indic. 61, 546—557.

1995-2005.


http://refhub.elsevier.com/S0043-1354(16)30886-7/sref57
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref57
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref57
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref57
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref58
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref58
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref58
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref58
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref58
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref59
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref59
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref59
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref59
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref60
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref60
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref60
http://refhub.elsevier.com/S0043-1354(16)30886-7/sref60

	Biodegradation of the artificial sweetener acesulfame in biological wastewater treatment and sandfilters
	1. Introduction
	2. Materials and methods
	2.1. Chemicals
	2.2. Sampling of municipal WWTPs and a full-scale sand filter
	2.3. Bench-scale sequencing batch reactors (SBR)
	2.4. Laboratory batch experiments
	2.5. Preparation of samples and spike solutions
	2.6. Quantitative analysis and identification of TPs
	2.7. Calculation of degradation rate constants

	3. Results and discussion
	3.1. Removal of ACE in WWTPs
	3.2. ACE removal in slow sand filtration
	3.3. Elucidation of potential factors influencing ACE degradation
	3.3.1. Primary degradation of ACE and impact of nitrifying activity
	3.3.2. Incubation under oxic, anoxic and anaerobic conditions

	3.4. Identification of transformation products of ACE
	3.5. Mass balance of ACE and SA
	3.6. Degradation pathway
	3.7. Environmental relevance of ACE transformation to SA
	3.7.1. Transformation of ACE to SA at environmentally relevant concentrations
	3.7.2. Occurrence of SA in WWTPs

	3.8. Consequences of the study for use of ACE as a conservative wastewater tracer

	4. Conclusions
	Acknowledgements
	Appendix A. Supplementary data
	References


